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 We measured OPE exposure in maternal and child wristbands and urine (metabolites).
 Children were more exposed than mothers to BDCIPP and tbutyl-DPHP, an alkylated diphenylphosphate.
 TPHP, TDCIPP, and TCIPP measured in wristbands predicted their own metabolite levels.
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Background: Humans are ubiquitously exposed to ﬂame retardants, including organophosphate esters
(OPEs), through direct contact with consumer products or exposure through household dust. Children
are at increased risk because of their proximity to dust, hand-to-mouth activity, and the importance of
childhood as a critical period in neurodevelopment.
Objectives: To quantify differences in exposure levels between mothers and children (three to six years of
age), we analyzed urinary metabolites of OPEs. We additionally assessed the ability of silicone wristbands
(measuring ambient exposure) to predict urinary metabolite concentrations.
Methods: We selected 32 mother and child dyads from an existing cohort. Participants provided baseline
urine samples and wore wristbands for one week. After the ﬁrst week, they returned their wristbands
and provided a second urine sample. During the second week, participants wore a second wristband that
they returned at the end of week two with a third and ﬁnal urine sample.
Results: We found signiﬁcantly higher levels of bis(1,3-dichloro-2-propyl) phosphate (BDCIPP)
(p < 0.001) and lower levels of bis(1-chloro-2-isopropyl) 1-hydroxy-2-propyl phosphate (BCIPHIPP)
(p < 0.001) in children's urine samples compared to mothers' samples at baseline. We found that triphenylphosphate (TPHP), tris(1,3-dichloroisopropyl) phosphate (TDCIPP), and tris(1-chloro-2-propyl)
phosphate (TCIPP) measured in wristbands predicted their respective metabolite levels in urine.
Conclusion: Children had higher levels than mothers for two of six ﬂame retardant metabolites measured
in urine. Generally, wristband measurements positively predicted internal dose. As little is known about
the health effects of OPEs on child development, future research is needed to determine the impact of
differential exposure.
© 2018 Published by Elsevier Ltd.
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1. Introduction
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In the U.S., ﬂame retardants have been added to a wide variety of
consumer products, including furniture, textiles, electronics, and
construction materials, to meet ﬂammability regulations (Affairs,
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2000; Herbstman and Mall, 2014). Brominated ﬂame retardants
such as polybrominated diphenyl ethers (PBDEs) comprised a large
majority of commercially-used ﬂame retardants in polyurethane
foam used in furniture prior to 2005 (Stapleton et al., 2012).
Because of their persistence in the environment and their potentially harmful effects (e.g. neurobehavioral outcomes) (Darnerud
et al., 2001; Palm et al., 2002; Eskenazi et al., 2009; Roze et al.,
2009; Herbstman et al., 2010; Gascon et al., 2011; Shy et al., 2011;
Gascon et al., 2012), industry voluntarily ended production of
penta- and octa-BDE commercial mixtures in 2005 and deca-BDE
production in 2013 (van der Veen and de Boer, 2012; EPA, 2014;
Howard, 2014).
This phase-out prompted an increase in the use of other ﬂame
retardants to meet ﬂammability standards, including organophosphate esters (OPEs) (also referred to as PFRs (phosphorous ﬂame
retardants) and OPFRs (organophosphate ﬂame retardants)) to
replace PBDEs in consumer products (Dodson et al., 2012; Stapleton
et al., 2012). OPEs can also be used as plasticizers, and have since
become pervasive, with measurable levels in indoor dust and air
(Marklund et al., 2005; Meeker and Stapleton, 2010; Sugeng et al.,
2017), outdoor air (Salamova et al., 2014), water and sediments
(Venier et al., 2014; Peverly et al., 2015), wildlife (Greaves and
Letcher, 2014), and humans (Kucharska et al., 2015; Van den Eede
et al., 2015; Hammel et al., 2016; Liu et al., 2016; Braun, 2017).
Flame retardant exposure appears to be higher in children than
in adults (Butt et al., 2014; Cequier et al., 2015; Butt et al., 2016;
Cowell et al., 2017), possibly because of increased hand-to-mouth
activity, a higher body surface area to internal mass ratio
(affecting internal dose), and closer proximity to accumulated dust.
Because the few ﬁrst years of life are a critical period of susceptibility with respect to neurodevelopment, children's ﬂame retardant
exposure occurring in early childhood may have more detrimental
effects than exposure later in life. OPEs have shown neurotoxicity in
laboratory models (Matthews et al., 1993; Dishaw et al., 2011;
Patisaul et al., 2013; Pillai et al., 2014), and early studies have reported associations between OPE exposure and behavioral problems and impaired cognitive performance in children (Hutter et al.,
2013; Lipscomb et al., 2017).
In the present study, we compared exposure levels in mothers
and children within the same household using urine samples to
measure individual internal dose. We hypothesized that we would
ﬁnd higher levels of OPEs in urine samples of children compared
with their mothers. Because we measured both personalized
ambient exposure to OPEs in wristbands and OPE metabolite concentrations in urine at multiple time points for each individual, we
had the opportunity to additionally investigate the ability of
wristband concentrations of parent compounds to predict urinary
metabolite concentrations in a subset of OPEs.
2. Materials and methods
2.1. Participants
We selected 32 mother and child dyads from a previously
established cohort to participate in a study to assess ﬂame retardant levels at three time points (Cowell et al., 2017) within a
behavioral intervention trial (Gibson et al., 2018). Families were
selected from the Sibling-Hermanos cohort (N ¼ 125), which began
in 2008, consisting of Dominican and African-American mothers
and children from Northern Manhattan and the South Bronx.
Brieﬂy, mothers in this study were previously enrolled in the
Columbia Center for Children's Environmental Health Mothers and
Newborns birth cohort between 1998 and 2006 (Miller et al., 2001).
When subsequently pregnant with a singleton, these women were
invited to enroll an additional child in the Sibling-Hermanos cohort

and were followed prospectively (Cowell et al., 2017). Among participants with children between three and ﬁve years of age in 2015,
we invited N ¼ 32 (from a total of N ¼ 125) women and their children to participate in the current study. Measurements for the
present study were collected when these children were between
three and six years old. We describe the results of the intervention
in a separate report (Gibson et al., 2018), but analyses described in
this report are unlikely to be impacted by the effect of the intervention results.
2.2. Sample collection
All adults gave informed consent for themselves and their
children before sample collection. At three visits (baseline, after
week 1, after week 2), we collected a spot urine sample from the
mother and her child. Visits occurred between 12:00 p.m. and
10:30 p.m., at the convenience of the mothers. The relatively short
half-lives (4e8 h) of OPE metabolites in urine allow us to look at
sequential measures that represent only recent exposure (Lynn
et al., 1981; Burka et al., 1991; Hammel et al., 2016).
Two sizes of commercially available silicone wristbands were
purchased (a larger size for mothers than for children) (24hourwristbands.com, Houston, TX), soaked with ethyl acetate, hexane
and methanol at 30  C to remove analytical interferences prior to
use, and stored at 20  C after treatment (O'Connell et al., 2014).
Participants were asked to wear their wristbands continuously for a
designated 7-day period through sleeping, bathing, and any other
daily activities, beginning on the morning of day 1 and removing
the wristband at the same time on morning on day 7. The wristbands were stored in amber jars at 20  C until extraction.
2.3. Laboratory analysis
2.3.1. Wristbands
Wristband and urine samples were extracted and analyzed using methods published previously for OPEs in wristbands and urine
(Cooper et al., 2011; Butt et al., 2014; O'Connell et al., 2014; Kile
et al., 2016). As previously described, compounds were removed
from the silicone wristband with two rounds of 100 mL of ethyl
acetate, which was combined and reduced to nominally 300 mL
with nitrogen evaporators (Turbo-VapL, Biotage, Charlotte, NC and
N-EVAP111, OrganomationAssociates Inc., Berlin, MA) (O'Connell
et al., 2014). To remove background of carbohydrates, lipids, and
proteins, we added 3 mL of acetonitrile to each sample and loaded
extracts onto 500 mg C18 solid phase extraction (SPE) cartridges
pre-rinsed with 6 mL of acetonitrile at 3 mL/min (Supelco, Bellefonte, PA) (Lehotay et al., 2001; Forsberg et al., 2011). Samples were
loaded at 1.8 mL/min and ﬁnally eluted with 9 mL of acetonitrile at
3 mL/min using a Rapid Trace, automated SPE work station (Biotage, Uppsala, Sweden). We reduced the 9 mL extracts as above
with Turbo-Vapsto 0.5 mL, and solvent-exchanged them to hexane
to be more amenable to GC analysis (O'Connell et al., 2014; Kile
et al., 2016).
We fortiﬁed aliquots with perylene-d12 at 500 ng as the internal standard prior to analysis and analyzed samples by gas chromatography mass spectrometry (GC-MS) with an Agilent 7890A gas
chromatograph (Santa Clara, CA) interfaced with an Agilent 5975C
mass spectrometer equipped with a triple axis detector (Kile et al.,
2016). In all instrument blanks (IB, n ¼ 38), extraction blank (n ¼ 1),
and SPE blank (n ¼ 1), all target analytes were below the limits of
detection (LODs). LODs were determined using an established EPA
method (Environmental Protection Agency 1195; Kile et al., 2016).
We ran the lowest standard that resulted in a signal to noise ratio of
15:1 for each compound 7 times, and we multiplied the resulting
standard deviation with the Student's t value corresponding to the
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appropriate degree of freedom for a 99% conﬁdence interval (Kile
et al., 2016). Wristband LODs ranged from 0.72 ng/g (TPHP) to
6.00 ng/g (TCIPP), with higher LODs in children's wristbands
because of their smaller mass. Wristband concentrations are reported as analyte mass per wristband mass (nanograms per gram
(ng/g)). This is equivalent to nanograms per wristband standardized by wristband size (all mothers wore large and all children wore
small wristbands, thus the variation remained constant across the
study). We measured four OPEs in wristbands (triphenylphosphate
(TPHP), tris(1,3-dichloroisopropyl) phosphate (TDCIPP, also called
Tris), tris-(2-chloroethyl) phosphate (TCEP), and tris(1-chloro-2propyl) phosphate (TCIPP)).
Some wristbands were damaged, never worn, or not returned
by the participants. Families missing at least one wristband from
mother or child did not have their wristbands sent to the laboratory
for analysis. Though mixed effect models do allow for some missingness, families with no wristband measurements could not
contribute to the prediction models introduced in Section 2.4.
2.3.2. Urine samples
We used a digital hand-held refractometer (Atago) to measure
speciﬁc gravity for each urine sample. Using methods described
previously, 5.0 mL of urine was spiked individually with d-BDCIPP,
d-DPHP, and d-TDCIPP as internal standards and combined with a
sodium acetate buffer and an enzyme solution, then incubated
overnight at 37  C. The ﬂame retardant metabolites were extracted
via mixed-mode anion-exchange solid-phase extraction and
measured using atmospheric pressure chemical ionization liquid
chromatography-tandem mass spectrometry (Agilent Technologies, Model 6410) (Cooper et al., 2011). d-BDCIPP, d-DPHP, and dTDCIPP recoveries averaged 107%, 69%, and 69%, respectively. The
method detection limits (MDLs) were calculated using 3 times the
standard deviation of the blanks normalized to the volume of urine
extracted. MDLs ranged from 0.08 ng/mL (ip-DPHP and tbutylDPHP) to 0.64 ng/mL (BCIPHIPP) for urinary metabolites. Urinary
concentrations are reported as analyte mass per volume (nanograms per milliliter (ng/mL)), normalized by speciﬁc gravity, which
will partially control for differences between consumption and
excretion rates of water per body weight in adults and children, to
account for urinary dilution (Meeker et al., 2011). The normalized
values are included in regression models. This analysis includes six
OPE metabolites measured in urine (bis(1,3-dichloro-2-propyl)
phosphate (BDCIPP), bis(1-chloro-2-propyl) phosphate (BCIPP),
bis(1-chloro-2-isopropyl) 1-hydroxy-2-propyl phosphate (BCIPHIPP), diphenylphosphate (DPHP), and two alkylated DPHPs (ipDPHP and tbutyl-DPHP)). Isopropyl triphenylphosphate (ip-TPHP)
and t-butyl triphenylphosphate (tbutyl-TPHP), the parent compounds for ip-DPHP and tbutyl-DPHP, respectively, were not
measured (Butt et al., 2014). Relationships between parent compounds and metabolites are described in Table 1.
2.4. Data analysis
Measurements below the MDL for urine and the LOD for
wristbands were assigned the sample-speciﬁc MDL or LOD/√2.
Because no direct comparisons were made between maternal and
child wristbands of different sizes, we did not normalize their
differing LODs. Analyses were conducted for analytes with detection frequency >50%. We used individual concentrations of wristband OPEs and urinary OPE metabolites.
Flame retardant concentrations were not normally distributed.
We log-transformed all concentrations in regression models and
used non-parametric tests for correlation and differences between
mothers and children (sensitivity analysis). We used mixed-effect
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Table 1
Relationships between measured analytesin wristbands and metabolites in urine.
Parent Compound

Urinary Metabolite

TDCIPP
TPHP
TCIPP

BDCIPP
DPHP
BCIPP
BCIPHIPP
Not measured
ip-DPHP
tbutyl-DPHP

TCEP
Not measured
Not measured

models for repeated measures (three urine samples and two
wristbands within each individual), with household included as a
multilevel random effect to account for correlated observations
within families. To evaluate the difference in OPE exposure between mothers and children, we analyzed pre-intervention urinary
metabolites only (to prohibit any potentially biasing effects of
intervention) with a mother/child categorical variable included as a
ﬁxed effect (N ¼ 30 pairs). To evaluate the inﬂuence of household
(shared environment), we estimated intra-class correlations (ICCs)
from these models as the variance attributable to the random effect
of being in the same family divided by the total variance. Models
presented are unadjusted as no true confounders can exist (i.e.,
nothing can cause mother/child status). Additional adjustment for
number of handwashes per day (a potential mediator) did not
meaningfully alter the direction, magnitude, or signiﬁcance of unadjusted effect estimates.
Models to predict urinary metabolites included wristband
concentrations as ﬁxed effects and controlled for mother/child
status as a confounder. Wristband concentrations during week 1 of
the study predicted concentrations in the urine sample collected
after week 1; wristband concentrations during week 2 of the study
predicted concentrations in the urine sample collected after week
2. In this way, variation in parent compounds and urinary metabolites due to the effectiveness of the intervention was reﬂected in
both the wristband and urine concentrations, effectively controlling for intervention. Additional adjustment for intervention group
and week did not meaningfully alter the effect estimate. We used
mixed-effect regression models with mothers and children nested
within households, with both independent (wristband concentrations) and dependent (urinary concentrations) variables logtransformed. Instead of interpreting the beta coefﬁcients of these
log-log models as effect sizes, as is standard in environmental
epidemiology, we interpret them as the percent change in the
outcome associated with a one percent increase in the exposure.
This is a common interpretation in econometrics, referred to as
“elasticity”(Wooldridge, 2015). All mixed-effect models use
empirical standard errors. Because these models include urinary
metabolites and wristband analytes at multiple time points (urine
samples after week 1 and week 2 and both wristbands), we present
concentration distributions averaged over the course of the study.
As a sensitivity analysis, we further compared mothers and
children using Wilcoxon signed-rank tests on paired data to
examine differences in concentrations within families, restricting
these tests to baseline urinary metabolites. We performed statistical analyses in SAS statistical software (version 9.4; SAS Institute
Inc.,Cary, NC) and in R (version 12.11.0; R Development Core Team,
2010); statistical tests were conducted at the 0.05 signiﬁcance level.

3. Results
Thirty-two mothers and thirty children provided baseline urine
samples. Nineteen families returned all four wristbands (two
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DPHP) to 90.7% (BCIPP) in children's samples over the course of
the study (Table 3). TPHP was detected in 100% of maternal and
child wristbands. TCIPP was detected in 44.7% of maternal wristbands and 73.7% of children's. Quantiles of OPE metabolites over
the course of the study are given in Table 3 (See Appendix, Supplemental Table 1 for baseline concentrations in urine).

maternal, two child) from both weeks of the study, for a total of 76
wristbands analyzed. Thirteen families were missing at least one
wristband. We observed no signiﬁcant demographic or behavioral
differences between those families who returned all wristbands
and those who did not. The mean age of mothers in the study was
32 years, and the mean age of children was 5 years. Mothers and
children differed signiﬁcantly on average number of handwashes
per day (p-value < 0.05). Characteristics of study participants are
provided in Table 2.
Detection of OPE metabolites in urine was high, ranging from
100% detection of DPHP, BDCIPP, and ip-DPHP to 84% detection of
BCIPP in maternal samples and from 100% (DPHP, BDCIPP, and ip-

3.1. Exposure by maternal/child status
Predicted geometric means of OPE metabolites in urine from
mixed effect models are depicted in Fig. 1. BDCIPP, the metabolite of
TDCIPP, was 151.15% higher in children than in mothers (pvalue < 0.001; 95% CI ¼ (55.80, 304.87)). BCIPHIPP, a urinary
metabolite of TCIPP, was 53.22% lower in children than in mothers
(p-value < 0.001; 95% CI ¼ (68.88,29.69)). BCIPP, another
metabolite of TCIPP, DPHP, a metabolite of TPHP, and ip-DPHP,
whose parent was not measured, were all lower in children but
non-signiﬁcant. Tbutyl-DPHP, whose parent was not measured,
was higher in children but non-signiﬁcant (Table 4). The paired
Wilcoxon singed-rank tests used as a sensitivity analysis for differences between maternal and child ﬂame retardant concentrations yielded similar results (results not shown).
OPE concentrations in mothers and children within households
were not strongly correlated across metabolites (Fig. 2). BCIPP had a
correlation coefﬁcient of 0.48 (p < 0.01) in mothers and children at
baseline, but coefﬁcients for the remaining OPEs were
between 0.16 and 0.28 and all non-signiﬁcant (DPHP, r ¼ 0.11,
p ¼ 0.55; BDCIPP, r ¼ 0.19, p ¼ 0.32; BCIPHIPP, r ¼ 0.16, p ¼ 0.40;
ip-DPHP, r ¼ 0.28, p ¼ 0.14, tbutyl-DPHP, r ¼ 0.05, p ¼ 0.79). Intraclass correlations (ICCs) from mixed effect models for DPHP, BCIPHIPP, and tbutyl-DPHP were all zero, meaning that household
membership did not explain any of the variance in these metabolites. BCIPP had the highest ICC (0.54), followed by ip-DPHP (0.16)
and BDCIPP (0.07).

Table 2
Characteristics of study participants at baseline.
Variable

Child Sex
Male
Female
Ethnicity
African American
Dominican American
Child Age (years)
Maternal Age (years)
Avg Times Hands Washed/Day
1-2
3-5
6-8
9þ
Avg Hours/Day Spent in Home
1-4
5-6
7þ
Maternal Education
Some high school
High school degree
Some college

Urine Samples
Overalla

Mothersa

Childrena

n ¼ 62

n ¼ 32

n ¼ 30

e
e

e
e

18 (60.0%)
12 (40.0%)

24 (38.7%)
38 (61.3%)
e
e

12 (40.0%)
18 (60.0%)
e
32.6 (4.1)

12 (37.5%)
20 (62.5%)
4.8 (0.8)
e

6 (9.7%)
29 (46.8%)
14 (22.6%)
13 (21.0%)

2 (6.3%)
11 (34.4%)
8 (25.0%)
11 (34.4%)

4 (13.3%)
18 (60.0%)
6 (20.0%)
2 (6.7%)

21 (33.9%)
18 (29.0%)
23 (37.1)

12 (37.5%)
7 (21.9%)
13 (40.6%)

9 (30.0%)
11 (36.7%)
10 (33.3%)

e
e
e

12 (37.5%)
15 (46.9%)
5 (15.6%)

e
e
e

pb

e

0.99

e
e
0.03

0.43

e

3.2. Urinary metabolite prediction
A one percent increase in TDCIPP measured in wristbands was
associated with a 0.33% increase in its metabolite BDCIPP
(p ¼ 0.001; 95% CI ¼ (0.14, 0.52)). A one percent increase in TCIPP

a

Values are mean (standard deviation) or number (%).
P-values are from paired t-test or Fisher's exact test for differences between
mothers and children.
b

Table 3
Average concentrations of urinary metabolites and wristband analytes over the course of the study.
Urinary metabolite (ng/mL)a

Mothers (n ¼ 96)

Children (n ¼ 90)
Percentiles

b

BCIPP
DPHP
BDCIPP
BCIPHIPP
ip-DPHP
tbutyl-DPHP

b. c

th

MDL

# (%) < MDL

25

0.15
0.45
0.19
0.64
0.08
0.08

15 (16)
e
e
2 (2)
e
2 (2)

0.3
1.6
0.6
0.5
4.2
0.2

50

Percentiles
th

0.7
2.5
1.1
0.9
6.7
0.2

th

Max

MDL

1.5
4.2
2.2
1.5
10.9
0.4

13.9
39.8
7.8
6.9
46.0
1.8

0.15
0.45
0.19
0.64
0.08
0.08

75

b

Mothers (n ¼ 38)

# (%) < MDL

b, c

8 (9)
e
e
4 (5)
e
1 (1)

LODc

# (%) < LODd,

TCEP
TCIPP
TDCIPP
TPHP

3.27
5.12
5.00
0.72

4 (11)
21 (55)
1 (3)
e

a
b
c
d
e

50th

75th

Max

0.3
2.0
1.2
0.4
5.0
0.2

0.9
3.2
2.6
0.6
7.7
0.3

2.3
6.7
5.4
1.0
12.0
0.5

17.1
74.7
40.4
4.2
46.7
2.7

Children (n ¼ 38)
Percentiles

Wristband analyte (ng/g)

25th

e

Percentiles

25th

50th

75th

Max

LODc

# (%) < LODd,

68.3
3.6
85.6
166.0

108.5
4.2
163.5
399.0

173.0
252.0
352.0
529.0

719
929
1060
2230

3.83
6.00
5.85
0.72

9 (24)
10 (26)
1 (3)
e

e

25th

50th

75th

Max

31.7
4.2
135.0
195.0

64.5
297.5
390.5
440.0

115.0
778.0
658.0
976.0

656
3490
2460
3050

Urinary metabolites are normalized to speciﬁc gravity.
MDL ¼ method detection limit of the analyte; # (%) < MDL ¼ number and percentage of participants with concentrations below the MDL.
Percent calculated is # < MDL divided by 96 for mothers and by 90 for children.
LOD ¼ method detection limit of the analyte; # (%) < LOD ¼ number and percentage of participants with concentrations below the LOD.
Percent calculated is # < LOD divided by 38 for mothers and for children.
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Fig.2. Correlation across maternal and child urine samples at baseline (n ¼ 30 pairs).
Diagonal (highlighted with black border) represents direct comparisons of the same
metabolites in mothers and children. (For interpretation of the references to color in
this ﬁgure legend, the reader is referred to the Web version of this article.)

Fig.1. Geometric means of urinary metabolites in mothers and children at baseline
(n ¼ 30 pairs). Geometric means and 95% conﬁdence intervals for ﬂame retardant
metabolites measured in urine in children and mothers. Bars represent geometric
mean in mothers and children. Error bars represent 95% conﬁdence interval. (For
interpretation of the references to color in this ﬁgure legend, the reader is referred to
the Web version of this article.)

Table 4
Baseline differences between OPE in urine for mothers and children.
Metabolite

Parent Status1

% Difference

95% CI

BCIPP

Child
Mother
Child
Mother
Child
Mother
Child
Mother
Child
Mother
Child
Mother

4.29
REF
0.42
REF
151.15
REF
53.22
REF
11.51
REF
32.94
REF

(-37.16, 44.77)
REF
(-33.28, 48.62)
REF
(55.80, 304.87)
REF
(-68.88, 29.69)
REF
(-38.34, 26.99)
REF
(-18.15, 115.89)
REF

DPHP
BDCIPP
BCIPHIPP
ip-DPHP
tbutyl-DPHP

was marginally associated with a 0.05% increase in BCIPHIPP
(p ¼ 0.08; 95% CI ¼ (0.01, 0.12)) and non-signiﬁcantly associated
with a 0.11% increase in BCIPP (p ¼ 0.10; 95% CI ¼ (0.02, 0.23). A
one percent increase in TPHP was marginally associated with a
0.14% decrease in DPHP (p ¼ 0.06; 95% CI ¼ (0.29, 0.01)) (Table 5).
Additional adjustment for intervention arm and week did not
substantially change the magnitude, direction, or signiﬁcance of
effect estimates.
4. Discussion
In this study, we aimed to compare OPE exposure between
mothers and children living in the same household using urinary
metabolites. The results of this study support the hypothesis that
children have higher exposure than mothers to some, though not
all, ﬂame retardants, as measured by internal dose, but they also
display high variability within and between OPEs. In urine samples,

Table 5
Elasticity between wristband concentrations and urinary metabolites across weeks
1 and 2.
Dependent
Variable

Independent
Variable

Elasticitya

95% CI

P-value

DPHP
BCIPP
BCIPHIPP
BDCIPP

TPHP
TCIPP
TCIPP
TDCIPP

0.14
0.11
0.05
0.33

(-0.29, 0.01)
(-0.02, 0.23)
(-0.01, 0.12)
(0.14, 0.52)

0.06
0.10
0.08
0.001

a
Elasticity is deﬁned as the percent change in the dependent variable when the
independent variable increases by one percent (Wooldridge, 2015).

children had higher levels of two of the six OPE metabolites
measured, with signiﬁcantly higher levels of BDCIPP (a metabolite
of TDCIPP).
Baseline concentrations of most metabolites of OPEs in urine
were higher in our participants than in an exposure assessment
conducted on paired mothers and toddlers from North Carolina
(Butt et al., 2014). Mothers and children in our study had higher
levels of BCIPP, DPHP, ip-DPHP, and tbutyl-DPHP, but lower levels of
BDCIPP than mothers and children observed by Butt et al.
Compared to a separate study of adults in North Carolina, our study
found higher levels of DPHP, BCIPP, and BDCIPP, but lower levels of
BCIPHIPP in maternal urine (Hammel et al., 2016). Mothers and
children in our study had higher median levels of DPHP, but lower
median levels of BDCIPP compared with mother-toddler pairs in
California (Butt et al., 2016). Median levels of BCIPP and BCIPHIPP
were higher in children in our study than in a study of younger
children between the ages of 3 and 29 months in Queensland,
Australia (0.68 and 0.93 ng/mL, respectively), but median BDCIPP
was lower in children in our study (He et al., 2018a). Along with
demographic and geographic differences between these cohorts,
age trends in OPE exposure have been observed, with exposure to
most OPEs decreasing with age (He et al., 2018b).
Using ICC to examine the extent of intra-familial correlation in
ﬂame retardant level, we found that family membership explained
no variation in urinary metabolite levels for half of the OPEs
measured (DPHP, BCIPHIPP, and tbutyl-DPHP). Ambient exposure of
two individuals in the same home is expected to be more similar
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than the same individuals' metabolite levels, as the latter are
affected by internal metabolism. Urinary excretion rates and
pathways differ substantially between adults and children,
explaining the lack of household similarities in urinary metabolite
levels. While wristbands measure only ambient exposure, urine
samples incorporate exposure and excretion capacity. Because of
these biological differences and likely similarities in ambient
exposure to mothers and children within households collected by
wristbands, wristband sampling may reﬂect more similar exposure
patterns in comparison to urine, particularly because mothers and
children in this study spent the majority of their time at home. The
two metabolites with signiﬁcant differences between mothers and
children (BDCIPP and BCIPHIPP) had ICCs of 0.07 and zero,
respectively, indicating that in instances where children have
signiﬁcantly higher (or lower) ﬂame retardant levels than mothers,
family membership cannot adequately characterize exposure.
We unexpectedly observed higher concentrations of BCIPHIPP (a
metabolite of TCIPP) in maternal urine samples in comparison to
children. BCIPP (TCIPP's other metabolite) was also nonsigniﬁcantly higher in mothers, though the magnitude was much
smaller. TCIPP in wristbands was more strongly correlated with
BCIPP (mothers: r ¼ 0.43, p ¼ 0.08; children: r ¼ 0.58, p ¼ 0.02)
than with BCIPHIPP (mothers: r ¼ 0.22, p ¼ 0.38; children: r ¼ 0.10,
p ¼ 0.73) throughout the study. Thus, we believe that BCIPP in our
population more closely captures individual exposure to TCIPP.
Hammel et al. detected BCIPHIPP in 100% and BCIPP in only 18% of
urine samples from study participants (whereas we detected BCIPHIPP in 96% and BCIPP in 90%) and found signiﬁcant correlation
between TCIPP measured in wristbands and BCIPHIPP (r ¼ 0.62, pvalue < 0.0001), but not between TCIPP and BCIPP. Because BCIPP
was rarely detected, it was not included in their analyses (Hammel
et al., 2016). This could indicate differences in exposure magnitude,
measurement (e.g., different MDLs of analytes), or differential
metabolism of TCIPP across populations, though the latter is unlikely to account for such a large difference.
Using wristband measures of parent compound to predict urinary metabolites within individuals, we found that TCIPP predicted
a marginally signiﬁcant increase in both measured metabolites,
BCIPP and BCIPHIPP, and TDCIPP predicted a signiﬁcant increase in
BDCIPP. All effect estimates were less than one, meaning that the
change in the urinary metabolite was less than proportional (a one
percent increase in the independent variable associated with a one
percent increase in the dependent variable would give a beta coefﬁcient of one) in response to the change in the wristband concentration. This makes biological sense, as metabolic processes
within an individual will also inﬂuence urinary metabolite levels.
Increasing TPHP was surprisingly associated with a marginally
signiﬁcant decrease (beta ¼ 0.14, p ¼ 0.07) in DPHP. TPHP in
wristbands and DPHP in urine were not correlated in mothers
(r ¼ 0.22, p ¼ 0.37) or children (r ¼ 0.01; p ¼ 0.96) in our study.
Hammel et al. observed this as well, and explained that other
chemicals in addition to TPHP (including monosubstituted isopropylatedtriaryl phosphate (mono-ITP), 2-ethylhexyl diphenyl
phosphate (EH-DPHP), and isodecyldiphenyl phosphate (id-DPHP))
may metabolize to form DPHP, explaining the lack of association
(Hammel et al., 2016). Diet, nail polish, and plastic bottles are
additional sources of TPHP exposure that would not be captured by
wristbands (Mendelsohn et al., 2016). Further, correlations between wristband analytes and urine metabolites may be more
highly variable in children than in mothers due to issues of
compliance, as children are more likely to take off their wristbands,
play with them, or drop them. No questions about wristband
compliance were included in the questionnaire.
While this analysis evaluated differences between maternal and
child ﬂame retardant exposure, it is important to remember that

these observations were made within the context of a behavioral
intervention study designed to reduce exposure (Gibson et al.,
2018). Because our assessment of differences between OPE levels
in mothers and children was conducted on baseline measurements,
the intervention's effectiveness cannot affect our interpretation.
The prediction models of urine levels included measurements
across the intervention. As the intervention was designed to affect
external exposure and not internal processes, we believe that all
variability due to the effectiveness of the intervention in the predictive models (which include both week 1 and week 2 of the trial)
was captured by the wristband concentrations, and models were
unaffected by additional adjustment for intervention arm and
week.
Limitations of this study include the study's small sample size,
lack of a baseline wristband, and participants' compliance. With the
small sample size, it is possible that observed differences between
mothers and children do not reﬂect the larger population, but as
this pattern has been observed in varied populations (Butt et al.,
2014; Cowell et al., 2017); our study conﬁrms previous ﬁndings.
Further, the small sample size allowed for more robust data
collection. Because no wristbands were worn before the study
began, we cannot use them to investigate differences in wristband
analytes between mothers and children and we cannot use baseline
urine samples in the prediction model. Our questionnaire did not
address wristband compliance, i.e., it did not ask if wristbands were
worn continuously over the week. Wristbands that were lost or
damaged were not included in the analysis, further reducing the
sample size.
5. Conclusion
We found higher levels of BDCIPP and tbutyl-DPHP in children's
urine sampled than in mothers'. This supports previous ﬁndings of
higher exposure to ﬂame retardants in children than adults. We
found that wristband concentrations of TCIPP and TDCIPP predicted
their respective metabolites. Little is known about the health effects of OPEs on child development. As more research is conducted,
efforts to reduce OPE exposure should acknowledge differential
exposure levels between children and adults and aim to safeguard
children during a critical period in neurodevelopment.
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